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Summary
Though soil pollution policies in North America and the European Union increasingly
use risk-based standards, the construction and application of such standards are often
deficient in taking account of actual risks. Standards refer to total concentrations of
substances and not to the biologically available amount. A number of countries neglect
‘background’ exposure and assumptions regarding routes of exposure to soil pollution
can be very different and at variance with empirical data. Recent dose-effect studies are
neglected in a number of cases. The application of standards does not take account of the
overall risk of soil pollution, but rather leads to the decision whether or not there is
violation of at least one standard for a specified (group of) substance(s). Standards for
soil pollutants are often based on the assumption that only effect addition can occur,
whereas dose addition, antagonism and synergism and indirect effects may in fact apply.
Several remedies for current shortcomings are proposed.
Keywords: soil pollution, risk

1. Introduction
There is an increasing use of risk-oriented policies to deal with the local effects of soil
pollution. The risks that such policies deal with are: human health risks and can also
include ecotoxicological risks. These risks are expressed in terms of negative effects and
chances between 0 and 1 that such negative effects will occur. Examples of areas where
risk-oriented policies are applied to soil pollution include the United States of America
[1,2], Canada [3] and countries in the European Union [4-10]. Historically, these risk
oriented policies have followed the abandonment of policies aimed at restoring soils to
their original ‘clean’ state [e.g. 5].
Risk-based criteria or standards, developed in the framework of risk oriented policies, are
applied to risks estimated with deterministic methodologies, following the steps of hazard
characterization, appraisal of exposure and risk characterization, while using exposurerisk relations established beforehand. Risk-based criteria have been applied to decisions
about soil remediation in the form of soil clean-up standards [2,9,10], to the use of soils
for specific purposes [11,12] and in the United States also to sediment management [13].
The risk-oriented policies considered here [1-13], assume that background exposure to
pollutants carries no risk and that a specified level of soil pollution carries a maximum
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tolerable or maximum acceptable risk for organisms living locally. The latter is the main
basis for standard setting.
In part, risk-oriented soil pollution legislation includes policy goals that are qualitative
[10]. For instance, the primary UK legislation on contaminated soil defines land as
contaminated in need of risk management ‘if significant harm is being caused or there is
a significant possibility of such harm being caused’ [10]. Mostly, however policies have
resulted in specific quantitative values for maximum tolerable or acceptable soil
pollution. The analysis of such values used in different industrialized countries has shown
that there are very large differences, roughly up to a factor 104 [14,15]. According to
Provoost et al. [14,15], these differences to a large extent originate in different political
choices (e.g. including or excluding ecotoxicity) and in different assumptions as to the
modeling of exposure to soil pollutants, including site related factors, such as soil type
and building constructions [14,15].
This paper deals with the way in which governments establish risk and with the question
whether what governments establish reflects actual risk.
A part of the large divergence in standards for maximum tolerable or acceptable risk
originate in between-country differences in political choices (about what is tolerable or
acceptable), soil types and building constructions. In principle, these differences do not
lead to divergence between risk as established by governments and actual risk.
However other factors may lead to such divergence. An example thereof is: the
parameters used for modeling exposure to soil pollutants given specific exposure routes.
The differences in these parameters will not be considered here, as this subject has been
extensively dealt with by Provoost et al. [14,15]. Here the focus will be on another source
for the divergence between risks as established by governments and actual risks.
In dealing with the risks of soil pollution, it would seem obvious to address the overall
risk of the soil pollutants present to the extent that they are biologically available for
specific organisms, against the background of exposure from other sources. However
actual practice is often different.
Firstly, in section 2 shortcomings in current governmental risk estimates will be
discussed regarding exposure to a single pollutant focusing on the presence of soil quality
standards, exposures to all sources of the pollutant at hand, the account taken of recent
dose-effect studies and biological availability.
Secondly, in section 3 the matter of combination effects of soil pollutants will be
considered.
In section 4, several remedies for current shortcomings will be proposed.
Section 5 summarizes the conclusions of this paper.
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2. Risks related to one soil pollutant
In practice, there are several matters which are at variance with the proper establishment
of actual risk related to one soil pollutant. These are: the absence of standards for
pollutants, neglect of background exposure, neglect of routes of exposure to soil
pollution, neglect of available dose- effect studies and neglect of biological availability.
These will now be discussed in more detail.
2.1. Absence of quality standards
When data regarding soil pollutants are available, they should be compared with quality
standards reflecting maximum tolerable risk of exposure. However, such standards are
not always in place. For instance, of the volatile organic carbon compounds detected in
groundwater samples by the US Geological Service, 21 were unregulated- with no
standards in place [16]. Similarly Patterson et al. [17] found a variety of brominated
ethenes in Australian groundwater, all lacking standards. In the Netherlands there are no
standards for heterocyclic polycyclic aromatics, though these can be a substantial
contributor to soil and sediment pollution risk [18].
When there is no standard, the government policies considered here [1-13] tend to neglect
the soil pollutant involved. This may lead to a divergence between risk as established by
governments and actual risks.
2.2. Neglect of background exposure
For a proper estimate of soil pollution related risks, exposure to specific soil pollutants
should be evaluated in combination with exposure to the same substance that is not
related to local soil contamination. Several countries, such as Canada, Germany, Spain
and Belgium, do indeed establish soil clean-up standards while considering background
dietary and inhalatory exposure but others, e.g. Sweden, Norway and the Netherlands, do
not [9,14]. Neglecting background exposure or specific types of background exposure
may have implications for risk estimates, as will be elaborated in paragraph 2.4.
2.3 Neglect of routes of exposure to soil pollution
In evaluating exposure to soil pollutants, assumptions regarding exposure routes are
important. In this respect difference between countries may be noted. Soil clean-up
standards for lead of Norway and Sweden differ in part because in Sweden the dominant
exposure route is assumed to be by drinking water and in Norway it is thought to be by
drinking water and ingestion of soil [14]. These differences cannot be explained by
differences in habits between Swedes and Norwegians and at least one of these
assumptions must be at variance with actual exposure patterns.
Inhalation of household dust and soil particles is not always taken into account in
governmental decision making about risks of soil pollution. For instance, in the
Netherlands inhalation of soil particles has been neglected as an exposure route, but in
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e.g. Spain it is not [9]. Neglect of inhalation would seem at variance with existing studies.
Nawrot et al. [19] have studied the effects of cadmium pollution in soil (around former
thermal zinc plants) and found a significant increase in lung cancer risk correlated with
cadmium exposure. They plausibly explain this in terms of exposure of lung tissue to
cadmium present in inhaled soil and household dust particles. Household dust particles
have also been found to be important in the exposure of children to pesticides in
agricultural settings [20]. Studies of Laidlaw et al. [21,22] suggest that inhalation of soil
particles containing lead may be important in determining the body burden of lead in
American cities. Increasing urban body burdens of lead have been shown to be correlated
with neurodevelopmental toxicity [23].
2.4 Neglect of available dose-effect studies
2.4.1 Dose-effect studies relevant to humans
As pointed out in the Introduction, it is assumed in soil pollution policy that background
exposure represents no risk. This neglects a number of epidemiological studies that have
been done regarding background exposure, and more generally reflects deficiencies in the
use of available dose-effect studies in determining actual risk.
Akesson et al. [24] have analyzed the effects of low environmental cadmium exposure in
an epidemiological study of Swedish women in the Lund area , being 53-64 years of age,
excluding women from areas with soils heavily polluted by cadmium. Akesson et al. [24]
found associations between the internal dose of cadmium and tubular and glomerular
kidney effects, which may represent early signs of adverse effects. Women with diabetes
seemed to be at increased risk of experiencing such early signs. In view of these data it
seems plausible that at a background exposure that is common in Sweden, old women in
the general population may be at risk for adverse cadmium effects [34] and that even a
modest increase in cadmium exposure due to polluted soil may lead to added risk.
However, when establishing soil clean-up standards in Sweden this background exposure
has been neglected [14]. Nawrot et al. [25] have studied the relation between mortality
and cadmium body burden in Belgium. They obtained evidence that total mortality and
non-cardiovascular mortality may be elevated at cadmium body burdens which can be
found among the population not living on soils that are currently considered to be a
health risk.
Similarly there are now strong indications that the negative effects of lead on the
neurophysiological and sexual development may well be found at the level of background
exposure common in Western European and US cities [26-31], though soil pollution
policy, at least in European counties, assumes that such background exposure is safe [14].
A study of women from the general population in France found that calcium pump
activity in their newborns negatively correlated with hair mercury levels, and this may
well be responsible for subtle neurobehavioral deficits of children in the general
population that also correlate with mercury levels [32,33]. There is also evidence for
negative cardiovascular effects of methylmercury in the adult general population of
industrial countries [33]. Again this is not reflected in risk estimates within the
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framework of soil pollution policies in European countries [14]. A study regarding
exposure of the general population in the Netherlands to PCBs and halogenated dioxins
and benzofurans suggests reduced lung function, retarded brain development and a
negative haematological impact [34].
2.4.2 Ecotoxicological risks
Maximum acceptable or maximum tolerable ecotoxicological risks are usually derived
from a limited number of studies concerning single species under laboratory conditions.
Laboratory conditions may be very different from actual conditions in the field, and thus
findings in the field are often at variance with laboratory studies [18,35]. In field studies
it has been found that several factors which tend to be neglected in laboratory studies
may strongly impact toxic effects of soil pollutants. These include among others: density
and adaptability of populations of affected organisms, the presence of other
environmental stress factors and the presence or absence of specific landscape elements
such as buffer strips [18,35].
2.5 Biological availability
Biologically available pollutants determine risk [3]. Biological availability may vary
strongly for different types of organisms [36]. Biological availability of a compound in a
specific soil is also dependent on physical, chemical and biological and spatial factors
[3,35]. Examples of such factors are pH, the amount and nature of organic and mineral
compounds also present and the presence of organisms that can mobilize soil pollutants
[35, 37-39]. In practice, biological availability may be much at variance with total
concentrations [40].
However standards reflecting potentially unacceptable risk tend to refer to total
concentrations. In the case of elements (such as heavy metals), moreover standards often
do not refer to specific compounds though it may well be that the nature of the compound
is a determinant of biological availability. To the limited extent that biological
availability is considered in site specific follow up studies, in-vitro tests are used that may
give rise to estimates that are at variance with in-vivo biological availability [3].

3. Combination effects
3.1 Limited accounting of combination effects
As to the overall risk of soil pollutants, the US Comprehensive Environmental Response,
Compensation and Liability Act (1990) stipulates that cumulative effects of the
combination of substances present in soils should be considered. However actual standard
setting practice has largely focused on criteria relating to one element or compound. In
some cases there are criteria for groups of compounds [4]. Such criteria limit the amount
(in g/kg soil) of groups of compounds but often do not address the possibility that the risk
per unit of weight may be different for different compounds. An exception to this are

5

criteria for the presence of halogenated dioxins and benzofurans and planar biphenyls.
The establishment of risk in case of exposure to these compounds uses addition on the
basis of equivalent toxicity [4]. This is a major improvement, though it has been pointed
out that this approach may still underestimate the risk of neurodevelopmental effects
[41].
In the Netherlands, according to Van Zorge [4], the consideration of combination effects
has led to introducing an additional safety factor. Indeed, apart from a level of maximum
tolerable or acceptable risk, a level of negligible risk has been defined which reflects the
use of a safety factor for combination effects. However in actual Dutch policy decisions,
such as the decision to clean up soils, the legal basis usually necessitates a focus on
exceeding maximum tolerable risk levels for individual substances, when deciding
whether soil pollution should be considered for remediation [4]. Exceeding negligible
risk standards is in the Netherlands not a basis for government intervention [42].
3.2 Importance of combination effects
Combination effects may be important in two respects. Firstly, coexisting soil
contaminants may impact each others’ biological availability [43]. Secondly, exposure to
a combination of pollutants may be associated with antagonistic, synergistic and additive
interactions of these pollutants, impacting their effect on organisms [44-47]. Some risks
of pollutant mixtures can be predicted on the basis of existing knowledge. For instance
there is a fair chance that there will be dose additivity when effects are receptor mediated
[48]. Also in case of narcotic effects, joint-mixture ecotoxicological effects may be
predicted [48]. If responses are dissimilar, response addition may be used [49]. A
methodology to deal with the ecotoxicity of mixtures giving rise to both dose-additive
and response-additive effects has been proposed [48]. This two step model evaluates
mixture toxicity for the same mode of action with concentration additivity and the
toxicity for different modes of action with response additivity. For determining the
severity of ecotoxicological effects in case of heavily polluted soils (in which legal
maximum tolerable levels for one or more substances are exceeded), a systematic
approach to combination effects based on a mixture of concentration addition and
response addition has been proposed [41].
However, it should be noted that responses of ecosystems in the field may well diverge
from estimates made on the basis of additivity, e.g. due to mobility of organisms, density
dependent effects or indirect effects such as secondary poisoning and trophic effects
following from lowered abundance of food sources [35,50]. Also synergism may occur
[45,47]. Including such factors is not easy. More sophisticated modeling may still lead to
results that are widely of the mark in the real world [36].

4. Remedies for shortcomings
From sections 2 and 3 one may conclude that risks established within the framework of
current risk oriented soil pollution policies tend to be at variance with actual risks. This
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undermines the credibility of such policies and may be argued to be a good reason for
abandoning risk oriented policies or for correcting the shortcomings outlined in sections 2
and 3. Possible remedies for these shortcomings will be outlined here. It should be
realized that much scientific work will be required in order to make these remedies
operational.
Remedies would seem possible which would allow for a significant improvement in risk
estimates. Unregulated substances can get standards. Standards may be regularly updated
on the basis of new dose-effect studies. Risk estimates can include both background
exposure and all exposure routes for local soil pollution. Estimates of biological
availability can be integrated in risk assessments and improved by better testing of
bioavailability or by in-vivo monitoring [3,51].
The deficiencies in taking account of combination effects in ecotoxicity, discussed in
section 3, may be addressed by directly testing of ecotoxicity, when the focus is on
ecosystem functioning [52,53]. However it should be noted that small effects on the
functioning of ecosystems may have large effects over time [35]. This necessitates large
numbers of replicate tests that may well be beyond routine practice [35].
In determining combination effects on human health, direct testing on humans is an
‘unethical option’. However biomarker-based monitoring of some aspects of soil
pollution relevant to humans may be an option. For instance Roos et al. [54] have applied
a biomarker based test to original and remediated soils that were contaminated by a
variety of polycyclic aromatic hydrocarbons (PAH). They tested the expression profile of
cytochromes P 450 [54]. Xiao et al. [55] have measured genotoxic risk of soil
contamination using an in-vitro assay with Salmonella. Though the relation between such
biomarker-based data gathered and the in-vivo risks awaits further elucidation, the
application of tests based on biomarkers for soil pollution is an interesting option in
dealing with combination effects on humans.
Also, estimates of risk may be derived from biomarkers which may be monitored in
people exposed to soil pollution. Such biomarkers have emerged from epidemiological
studies considering the combined effect of substances. An illustration thereof is the study
by Lee et al. [56] which found a graded association of the concentration of blood lead and
urinary cadmium concentrations with oxidative stress related markers in the US
population. This suggests that oxidative stress may be useful as a biomarker for
combination effects. It has furthermore been proposed to evaluate effects of exposure to
nitroarenes by measuring haemoglobin adducts [57], and of mixtures of volatile
organochlorines by measuring glutathione conjugative metabolites [58]. Bioassays based
on aryl hydrocarbon (Ah) receptor mediated mechanisms have been proposed which will
allow a better alternative to the measurement of polyhalogenated aromatic hydrocarbons
[41].
Another option is to estimate risks to human health by taking into account cumulative
combination effects in line with established cause-effect relations and research into the
effects of actual combinations. It has been shown that risks of compounds with the same
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targets and the same modes of action may be estimated on the basis of concentration
addition, while including toxicity equivalence factors for the compounds involved [59].
This has been shown to apply to receptor-mediated-and reactive mechanisms of toxicity,
provided that no chemical reactions occur between the components of the mixture
considered [5,60]. Currently this approach is applied to halogenated dioxins, benzofurans
and planar polybiphenyls, though non-linear interactions are not completely absent in this
category of compounds [61], and neurodevelopmental effects may be underestimated, as
pointed out before [41]. Extension of this approach is possible to e.g. polycyclic
aromatics, including heterocyclic polycyclic aromatics [18,62] organophosphates that
inhibit the enzyme cholinesterase [44,63], compounds that bind to estrogen receptors [6466], carcinogens [67], a variety of petroleum products [68] and compounds that inhibit
the MXR efflux pump [69].

5. Conclusion
The construction and application of risk-based standards for soil pollution are often
deficient in taking account of actual risks. Standards refer to total concentrations of
substances and not to the biologically available amount. A number of countries neglect
‘background’ exposure and assumptions regarding routes of exposure to soil pollution
can be very different. Recent dose-effect studies are neglected in a number of cases. The
application of standards does not take account of the overall risk of soil pollution, but
rather leads to the decision whether or not there is violation of at least one standard for a
specified (group of) substance(s). Excepting halogenated dioxins, benzofurans and planar
biphenyls, criteria for soil pollutants are based on the assumption that only effect addition
can occur, whereas dose addition, antagonism and synergism and indirect effects may in
fact apply.
Several remedies to these shortcomings have been proposed. Regarding ecotoxicity direct
testing would allow for a major improvement in risk estimates. As to human health risks:
including biological availability in risk estimates, more use of up to date knowledge
about exposure routes, dose-effect relations and combination effects, and biomonitoring
of effects are options for improvement.
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